EROD activity and induction cytochrome P4501A in liver and gills of Senegal sole, Solea senegalensis, from a heavy metal and PAH polluted estuary, was studied. Liver and gill CYP1A catalytic activity was assessed at the enzyme activity level-measured as 7-ethoxyresorufin-O-deethylase and cellular localization of CYP1A in the liver was studied using immunohistochemistry. Liver EROD was correlated with phenanthrene-type metabolites in liver and copper concentrations in water. Strong CYP1A occurrence was observed in acinar pancreatic cells, pancreatic duct epithelium and vascular system endothelium and negative/rare induction were observed in hepatocytes and sinusoidal endothelium. In gills, EROD activity showed a significant correlation with different fractions of heavy metals in sediment but no correlation was observed between EROD activity and PAHs. Strongly positive CYP1A associated staining of the vascular system endothelia and primary filament cells and a moderate staining of pillar cells in gills were observed. The results substantiated the utility of EROD activity and CYP1A induction measurement as biomarkers for use by aquatic toxicologists and indicate that catalytic assays and immunohistochemical assays appear to be sensitive to different kinds of pollutants being the use of both methods recommended for monitoring programs.
Introduction
Benthic fish from industrialized coastal regions are commonly exposed to long-term stress arising from exposure to sublethal contaminant concentrations. The application of cellular and molecular biomarkers in ecotoxicology depends upon basic information on xenobiotic biotransformation mechanisms.
Cytochrome P450s (CYP) comprises a superfamily of related hemoproteins that, in conjunction with several other enzymes, serve as an electron transport system to catalyze a multitude of monooxygenase reactions. The cytochrome P450 system is responsible for the metabolism of a wide range of endogenous and xenobiotic compounds. It is involved in the transformation of steroids, prostaglandins, fatty acids, and other biological molecules. The CYP system also plays important roles in the toxicology, metabolism, and excretion of pollutants, drugs, and many carcinogenic chemicals and mediates the transformation of certain xenobiotics to their reactive intermediates.
In studies carried out in fish species, CYP1A seem to be a very sensitive biomarker of exposure to organic and inorganic pollutants, which will certainly be feasible in environmental risk assessment (ERA) procedures. CYP1A determinations may be used in various steps of the ERA process, such as quantification of impact and exposure of pollutants, environmental monitoring of organism and ecosystem 'health', identifying subtle early toxic effects, triggering of regulatory action, identification of exposure to specific compounds, toxicological screening and research on toxic mechanisms of xenobiotics. The CYP1A response has been validated for use in ERA monitoring programs (Bucheli and Fent, 1995; Van der Oost et al., 2003) , for all these reasons; analysis of CYP1A has been carried out in the present work.
CYP1A is dependent on mixed-function oxygenase (MFO) or monooxygenases. MFO enzyme assays include the ethoxyresorufin-Odeethylase (EROD). MFOs are a family of inducible enzymes which oxidize, by single oxygen addition, natural and anthropogenic chemicals. Their metabolic function assists in the excretion of nonpolar compounds (Martin et al., 1985) . A number of chemical classes are known inducing agents. The most potent inducers are lipid-soluble, planar compounds of 3 A × 10 A size.
Numerous studies have demonstrated an increase in the CYP1A protein levels in various species of fish after exposure to organic pollutants. Notably, the action of PAHs, PCBs, PCDDs and PCDFs per se caused a significant or a very strong increase (500% of control) in CYP1A content (Van der Oost et al., 2003) . Although the main function of the cytochrome P450-dependent monooxygenase system is to convert relatively insoluble organic compounds to soluble metabolites, the resulting metabolites may be less or more toxic than the parent compound activation of cytochrome P450 and it can also promote the CYP1A detoxifying activity. Especially, cytochrome P4501A-dependent oxidation is found to be responsible for the activation of PAHs and PCBs to the reactive intermediates that ultimately result in toxicity, carcinogenicity and mutagenicity (Arinç and Sen, 1999) .
Increased EROD activity is frequently observed in fish captured from contaminated waters (Lima et al., 2008; Pathiratne et al., 2008; Lu et al., 2010) . EROD levels in fish are usually highest near the contaminant of effluent source, and decreased at sites farther from the source. EROD or AHH activity has been measured in a wide variety of fish species; however, several species show little or no EROD induction (Kloepper-Sams and Benton, 1994; Almroth et al., 2008) or show an inhibition of EROD activity (Mondon et al., 2001; Solé et al., 2006) .
Detailed light and microscopic studies of fish liver indicate that the morphology of the liver includes at least 10 resident cell types of CYP1A. By far the most numerous, hepatocytes occupy about 80-85% of the liver volume. Other cell types include endothelial cells, biliary epithelial cells of preductules, ductules and intrahepatic ducts, exocrine pancreatic cells, and centroacinar and ductular cells of exocrine pancreas have shown CYP1A immunoreactivity when fish have been exposed to different contaminants (Desantis et al., 2005; Ortiz-Delgado et al., 2005) . The type of inducing agent, dose, species variations, water temperature, reproductive stage and sex may affect the distribution of constitutive and inducible cytochrome P450 forms. Induction responses in endocrine organs may affect important and delicate functions (Husoy et al., 1994) .
Vertebrate animals from environments free of pollutant inducers show little or no detectable CYP1A in gills, while animals from contaminated sites express elevated levels of CYP1A (Jönsson et al., 2004; Jimenez-Tenorio et al., 2008) . EROD activity in fish liver has been widely studied and considered a good pollution biomarker but CYP1A activity in gills has received less attention (Costa et al., 2011; Nogueira et al., 2011) .
The estuary of "Ria de Huelva" has been world-famous as one of the most contaminated estuaries by heavy metals in the world. The contaminant load transported by the Tinto and Odiel rivers to the Ría de Huelva and industrial activities (petrochemical, refining, fertilizer and mining) are the main causes (Sainz et al., 2005) . Related to the first contribution, the contaminants come from upstream of Tinto and Odiel rivers where there are mines belonging to the Iberian Pyrite Belt (IPB), an important metal-rich sulfide deposit (Ruiz Cánovas et al., 2012; Galván et al., 2013) , and which represent more than 99% of the total metal content in the estuary (Pérez-López et al., 2011) .
The commercially exploited Senegal sole, Solea senegalensis (Kaup, 1858) , represents a suitable bioindicator species for assessment of Huelva estuary pollution. Predominantly littoral, S. senegalensis is a benthic marine species well adapted to warm climates and is commonly exploited in extensive aquaculture production in Spain and Portugal (Drake et al., 1984; Dinis, 1992) and has been used in field and laboratory toxicity assays being a sensitive specie to pollutants (Costa et al., 2009; Oliva et al., 2009) .
The aim of this work was to study the effect of pollution on the CYP1A cellular induction and EROD activity in liver and gills of S. senegalensis and the correlations with heavy metal and PAHs. Results from the current study can also be used to evaluate whether any one measure of CYP1A is more suited for use in monitoring programs.
Material and methods

Sampling sites and fish collection
The Tinto and Odiel Rivers flow together to the Atlantic Ocean forming a common canal known as Canal Padre Santo belonging to the Ria de Huelva.
Three sampling sites were selected in this area of the southwest coast of Spain ( Fig. 1 (Kaup, 1858) were collected at each sampling site for each sampling period and were transported in aerated tanks to Mazagon's port (Huelva). A total of 97 (mass: 125.04 ± 27.12 g, length: 23.14 ± 1.8 cm) fish were dissected (Odiel River n = 43; Tinto River n = 32, Canal Padre Santo n = 20) and samples of liver and gills of each fish were taken. Fish tissue samples were transported to the laboratory in nitrogen liquid and stored at − 80°C. Twelve specimens of S. senegalensis (mass: 182.52 ± 23.89 g, length 25.27 ± 0.78 cm) used as unpolluted or control fish, were obtained from the aquaculture facilities of the Faculty of Marine and Environmental Sciences (University of Cadiz, Spain).
Heavy metal analysis in fish, sediments and water
Collected fish were dissected and tissue samples from liver and gills were taken. Freeze-dried samples of liver and gills were acid digested by microwave heating using HNO 3 and H 2 O 2 . Metal concentrations of digested tissue samples were analyzed by ICP-MS and ICP-AES. The accuracy of methodology applied was satisfactorily evaluated using DOLT-3 (dogfish liver) and DORM-2 (dogfish muscle) certified reference materials (Vicente Martorell et al., 2009) .
Surface sediment samples (2-20 cm) were collected using a crab and stored in polyethylene bags at −4°C. Fine particle-size fractions were obtained from the dried ground and sieved sediments. The BCR sequential extraction (exchangeable, reducible, oxidizable and residue fraction) procedure was applied (Davidson et al., 1999) and speciation and total concentrations of metals were evaluated by using ICP-AES or AAS. NIST 1649a certified reference estuarine sediment was used for analysis validation (Vicente Martorell et al., 2009) .
Water sample collection was carried out using a peristaltic bomb and no filtered and filtered samples were obtained in situ by using 0.45 μm Calyx Capsule MSI filter connected online when required. Total metal, particulate metal fraction and dissolved metal fractions (labile organic, labile inorganic, moderately labile inorganic, moderately labile organic and no labile dissolved metal) were analyzed by stripping voltammetry after acid digestion. Dissolved metal speciation was carried out by metal fractionation to different pH distinguished among labile inorganic and organic metal, moderately labile inorganic and organic metal and inert fraction. In addition, particulate and organic and inorganic dissolved arsenic species were evaluated by using hydride generation and AAS, with an operational discrimination among fractions. Analytical methods were checked against CRM 505 certified reference estuarine water. PAH analysis in sediment was based on the analytical procedure proposed by the USEPA (1996, 2000) . Approximately 2-4 g of sediment was weighed and treated with anhydrous Na 2 SO 4. The samples were Soxhlet-extracted with 10 mL dichloromethane-acetone (8:2 v/v) for 24 h (6 cycles per hour). The extracts were purified on florisil columns, and the PAHs were eluted with 100 mL dichloromethane-hexane (2:8 v/v). The extract was concentrated to 1 mL using a rotary evaporator after changing the solvent from dichloromethane-hexane to acetonitrile. Na 2 SO 4 was of analytical grade and dichloromethane, hexane, acetone and acetonitrile were HPLC grade. The composition and concentration of 16 different PAHs was determined by HPLC. A standard solution, SUPELCO 47940-u PAH mix in acetonitrile (containing 16 individual PAHs), was used for quantification.
Gills were freeze-dried in a lyophilizer, ground and homogenized. PAHs concentration in liver could not be measured due to the liver sample size. The procedures for tissue PAHs analyses were based on the analytical method 3564C and 3620B proposed by USEPA (1996 USEPA ( , 2000a , which according to Cheung et al. (2007) are appropriate and optimum for analyzing PAHs in fish samples. Briefly, the samples were Soxhletextracted using a mixture of acetone and dichloromethane for 24 h; the extracts were purified on Florisil columns; and concentrated by rotary evaporation. The composition and concentration of 16 different PAHs were determined by gas chromatography-mass spectrometry (GC-MS/MS). A reference material (soil LGC6182) was analyzed, with 81-102% of certified values of PAHs obtained, excepting benzo(g,h,i) perylene. Average relative percent difference between triplicates (14%) was within acceptable limits, according to Levengood and Schaeffer (2011) .
2.4. Analytical procedure for PAH metabolites in S. senegalensis tissues Post-mitochondrial supernatant (PMS) of liver and gills were further diluted in methanol 50% to 1:400 for FF measurement. Fluorescent readings were performed for naphthalene-type metabolites at excitation/ emission 290/335 nm, for benzo(a)pyrene-type metabolites readings were made at 380/430 nm, for pyrene-type metabolites readings were done at 341/383 and for phenanthrene-type metabolites readings at 256/380. Liver cytosol metabolites are reported on the basis of milligram protein as previously adapted by Gagnon and Holdway (2000) .
EROD activity
EROD activity was quantified in S9 fraction of liver and gills by fixed wavelength fluorescence detection (Jasco FP-6200 pectrofluorometer) as described by Burke and Mayer (1974) . The enzyme activity was expressed in pmol/min/mg of protein.
Immunohistochemical analysis of CYP1A
Sections of 6 μm thickness were prepared from paraffin-embedded tissues. The sections, after blocking of unspecific binding sites, were incubated overnight in a humid chamber at room temperature with the primary polyclonal anti fish-CYP1A antibody (CP-226 Biosense Laboratories) at a dilution of 1:250. For further staining, the ABC kit (Vectastain, USA) including a biotinylated anti-mouse IgG secondary antibody was applied. Sections incubated with normal fish serum instead of the primary antibody were used as negative controls.
During evaluation of staining intensity of CYP1A in histological sections, we assigned values of 0 (negative), 0.5 (negative/mild), 1 (mild), 1.5 (mild/moderate), 2 (moderate), 2.5 (moderate/high), and 3 (high).
Occurrence of CYP1A in cells of interest in the different tissues analyzed was calculated as the relative frequency of stained cells, we assigned values of 0 (no staining seen), 1 (rare), 2 (multifocally), 3 (frequent).
Frequency (percentage) of S. senegalensis specimens with CYP1A-associated staining was expressed as the fraction of individuals examined that exhibited some degree of staining (i.e., 0.5 or above) in the cell or tissue of interest.
Statistical analysis
Statistical analyses were performed using the statistical software package STATISTICA (data analysis software system) version 7 (2004, Statsoft, Inc. USA).
For each data set, the assumptions of an analysis of variance (ANOVA), normality and equal variance, were checked using ShapiroWilks and Levene tests, respectively. If the data set met assumptions, one-way ANOVA was conducted and where significant, a post-hoc mean comparison test (Tukey's test) was realized. If data sets did not meet assumptions, Kruskal-Wallis and Mann Whitney (one-tail) tests to determine significant differences were used. To analyze the correlation between biomarkers and heavy metals, Pearson and Spearman correlation tests were used. All statistical analyses were conducted at an alpha level of 0.05.
Results and discussion
Pollutants
The estuary of Ria de Huelva has been world-famous as one of the most heavy metal contaminated estuaries in the world. The contaminant load transported by the Tinto and Odiel Rivers to the Ría de Huelva and industrial activities (petrochemical, refining, fertilizer and mining) are the main causes (Sainz et al., 2005) .
The high values for all metals analyzed in sediments were obtained for sampling of 2005, coinciding with a period of low rainfalls (Table 1 ). The order of metals from higher to lower mean content in the sediment of this estuary was: Cu N Zn N Pb N As N Cd.
The data about distribution of metals in fractions of BCR procedure was presented in the work realized by Vicente-Martorell et al. (2008) . The results did not show significant variations between sampling sites, except for Cu that has higher reducible fraction in Canal Padre Santo. The results obtained were compared with Canadian sediment quality guidelines (ISQG, interim marine sediment quality guidelines and PEL, probable effects levels) and NOAA guidelines for the protection of aquatic life (ERL, level of effects range low and ERM, level of effects range medium). All metal studies showed higher concentrations than in the quality criteria, except Pb which had some lower values than in the ERM guideline on 2004 autumn.
Generally, content of metals in Tinto and Odiel water (Table 2 ) was higher than in the Canal Padre Santo site. The metal concentrations in water can be arranged as follows (higher content to lower content): Zn N Cu N Pb ≈ As N Cd.
High Cu and Zn levels were observed in liver tissue according to the higher total content and greater availability of metals both in the water and sediment. The liver samples showed the following average accumulation ranking: Fe N Cu N Zn N As N Cd N Pb (Table 3) , although it was noted that a significant value for sampling in April 2005 with a higher copper content than iron, was found only in Odiel river (Cu = 609.73 mg kg −1 ; Fe 0 476.66 mg kg − 1 ). Significant correlation (r = 0.732, p = 0.039) was found between Cu concentration in liver and Cu concentration in sediment. Again, the metal with highest concentration in the gills was Fe; the gills showed the following average accumulation ranking: Fe N Zn N Cu N As N Pb N Cd (Table 4) . As can be seen, this ranking shows some differences between tissues. Conversely, significant differences among sampling sites were not found. The higher concentration of PAHs (LPAHs) was observed in the sediment of Canal Padre Santo (Table 1) , this is the closest sample point to the oil refinery La Rabida. Roy et al. (2003) observed higher PAHs of low molecular weight in coal oil point (COP) sediments than high molecular PAHs. This is consistent with previous studies showing that natural petroleum seeps tend to have higher concentrations of lower molecular weight aromatic hydrocarbons (Spies et al., 1980) .
To establish the contamination grade for PAHs in the different sampling sites, the levels of PAHs observed have been compared with the Holland Environmental Quality Criteria for Marine Sediments (Kamer, 1994) . This criteria is established on the basis of the summatory of 10 PAHs (naphthalene, phenanthrene, anthracene, fluoranthene, chrysene, benzo(a)anthracene, benzo(k)fluoranthene, benzo(b)fluoranthene, benzo(g)perylene and indene). The summatory of those PAHs in Odiel River was 0.68 mg/kg, 0.82 mg/kg in the Tinto River and 1.81 mg/kg dry weight in Canal Padre Santo. Therefore, based on the Holland Environmental Quality Criteria for Marine Sediments (Kamer, 1994) , Odiel and Tinto Rivers would be classified as not contaminated or slightly contaminated sites and Canal Padre Santo as a moderately contaminated site.
PAHs more abundant in sediment have been LPAHs (Table 1) . With a significant correlation observed between phenanthrene-type metabolites in liver and fluorene concentration in sediments (p = 0.028; r = 0.687), this could imply a higher accumulation of LPAHs in liver of S. senegalensis (not measured) which is in agreement with data reported in other fish (Narbonne et al., 1999; Salazar-Coria et al., 2007) . PAHs more abundant in sediment have been LPAHs but gills presented differences in LPAH and HPAH concentrations related to the different seasons and sampling sites (Table 4) . Pyrene metabolite types showed the highest concentrations in gills. Measuring contaminant levels in aquatic organisms does address the question of bioavailability; however, because PAHs exert their toxicity following biotransformation to toxic metabolites, assessment of tissue concentrations of parent compounds alone is insufficient. PAH metabolites (Tables 5 and 6 ) detected in fish have been applied as a biomarker of exposure to both pyrogenic and petrogenic PAH. It has proven to be a simple and sensitive method for screening PAH contamination in fish (Aas et al., 2000) . The number of rings explains the influence of the metabolic velocities of PAHs. Thus, the decrease was faster for PAHs of low molecular weight (anthracene and phenanthrene, which are rapidly released in the aqueous compartment) than for PAHs of high molecular weight (pyrene and benzo[a]pyrene), which are strongly adsorbed in sediment particles. When the rate of desorption from particles and humic material is rapid, uptake from interstitial water seems to prevail as for LPAHs; when desorption rate is slow compared with the ingestion rate, then ingestion becomes more competitive as for HPAHs (Narbonne et al., 1999) .
Liver EROD activity
In this study the higher liver EROD activity was observed in autumn 2005 ( Fig. 2A) coinciding with the higher concentration of heavy metals in sediments. However no correlation was established between EROD activity in liver and heavy metal concentration in sediments and/or liver but a significant correlation was established between copper labile organic fraction in water and EROD (p = 0.030, r = 0.682). An explanation for this relation is Cu concentration in water appeared associated with moderately labile inorganic and organic dissolved fractions with an important percentage of labile metal during autumn samplings, mainly in Tinto and Canal Padre Santo sites, being more available. Otherwise, an increase has been observed in labile inorganic dissolved fraction of Cu in Canal Padre Santo water during samplings in 2005 (56-61%) (Vicente Martorell et al., 2009) . Because copper concentrations were extremely high in the sediment and water and in the liver of S. senegalensis from Tinto River and Padre Santo Canal, special attention should be given to Cu 2+ concentrations.
Copper is a trace element that plays a fundamental role in the biochemistry of all organisms. The high Cu 2+ concentrations appear to be toxic to fish exerting cytotoxicity, generating oxidative stress and cellular damage (Gaetke and Chow, 2003) . Cvec (1990) and Toccane and Teissie (1990) investigated the effects of the long-term exposure of phospholipid membranes on heavy metals. They concluded that the effects of free ions can change the charge on the membrane surface and can interact with the proteins, inducing toxic effects. High EROD activity in liver related with copper concentration agrees with the results observed by Henczova et al. (2008) in silver carp treated with 1 mg L −1 and 10 mg L −1 Cu 2+ where EROD (4-fold) and the Cyt P450 content were significantly enhanced after treatments. On the other hand, inhibitory effects of metals on EROD activity have been observed by several authors. In vivo and in vitro studies concerning other fish species demonstrated liver EROD activity inhibition by Cu (Oliveira et al., 2004; Sanchez et al., 2005) , however, Almroth et al. (2008) observed no EROD activity differences between a heavy metal and PAH contaminated site.
In an experiment with heavy metals, Korashy and El-Kadi (2008) observed in a co-exposure of HepG2 human cells with either Hg2 + or Pb2+, at all concentrations tested a significant reduction of the magnitude of CYP1A1 induction by TCDD, surprisingly, the highest concentration of Cu2 + further increased the TCDD-induced CYP1A1 activity levels and EROD activity. Those observations are in agreement with those of Vakharia et al. (2001) , who reported that a translational but not transcriptional mechanism is involved in the modulation of CYP1A1 protein induction by heavy metals in HepG2 cells.
On the other hand, PAHs exert their toxicity following biotransformation to toxic metabolites; assessment of tissue concentrations of parent compounds alone is insufficient. PAH metabolites detected in fish have been applied as a biomarker of exposure to both pyrogenic and petrogenic PAH. It has proven to be a simple and sensitive method for screening PAH contamination in fish (Aas et al., 2000) . increasing levels of PAH contaminants in sediments, diet and water result in higher levels of FACs in fish exposed to these contaminants (Ortiz-Delgado et al., 2008; Vieira et al., 2009) .
PAH concentrations observed in hepatic tissue were very low, zero or undetectable in most samples (data unpublished), for this reason correlations have been conducted only between PAH metabolites in liver and CYP1A (catalytic activity).
In this work a significant correlation (p = 0.003, r = 0.360) was established between EROD activity and phenanthrene-type metabolites in liver. Shailaja and D'Silva (2003) and Oliveria et al. (2007) also observed in Oreochromis mossambicus and Liza aurata respectively exposed to phenanthrene an EROD activity higher than in the control value.
Induction of CYP1A in fish by small molecular size PAHs (having ≤4 fused aromatic rings) such as chrysene, phenanthrene, pyrene and naphthalene is irregular and species dependent ( Van der Weiden et al., 1994; Bols et al., 1999) . This could be due to intrinsic variations in the affinity of the aryl-hydrocarbon receptor (AhR) of different fish species to small molecular size PAH compounds.
Gill EROD activity
There are numerous previous studies on EROD activity in liver but few studies have been conducted in gills (Mdegela et al., 2006; Ortiz-Delgado et al., 2008; Nahrgang et al., 2010) and only a few of them in relation with heavy metals (Mondon et al., 2001; Jönsson et al., 2004) .
Despite the lower CYP1A catalytic rates in gills, its higher relative perfusion rates compared with other organs such as liver indicates that this organ may represent a significant biotransformation site. metabolized at significant rates during the passage through the branchial epithelium.
A significant decrease (p b 0.05) of EROD activity was observed in all three sampling sites in October 2005 and in Tinto River and Canal del Padre Santo in October 2004. In April 2005 a significant decrease of EROD activity was also observed in Odiel River (Fig. 2B) . No correlations were observed between PAH concentrations (sediments, gills and PAH type metabolites) and EROD activity in gills, on the other hand, several correlations were established between EROD activity and heavy metals ( Table 7) . The majority of correlations were established between heavy metal concentrations in sediments and EROD where all correlations established were negative.
Inhibitory effects of different metals on the biotransformation of organic chemicals have been reported both in in vitro and in vivo models. Benedetti et al. (2007) observed in Trematomus bernacchii injected with B(a)P, a EROD induction suppressed by more than 80% in organisms co-exposed to cadmium and copper; while those treated with BaP and other metals (Hg, Ni, Pb) showed an EROD activity comparable to organisms exposed only to BaP. In vivo studies on fish (Dicentrarchus labrax and Microgradus tomcod) have demonstrated significantly reduced EROD activity after exposure to PAHs combined with simultaneous or delayed administration of heavy metals (Oliveira et al., 2004; Sorrentino et al., 2005) . According to Eggens et al. (1992) , heavy metal contamination is a possible explanation for the discrepancies between the organic xenobiotic levels sometimes observed in fish tissue and its EROD activity. This explanation may be supported by other studies where low levels of EROD activity coincide with high content of heavy metals (Romeo et al., 1994) .
Several mechanisms to explain cellular metal toxicity have been documented. Heavy metals can alter the activity of enzymes by binding to their functional groups (sulfhydryl, carboxyl, imidazol, etc.) or by displacing the metal associated with the enzyme (Viarengo, 1985) . Jönsson et al. (2006) observed 5 μM copper inhibited PAH-induced EROD activity in bass gills and they suggested that the apical membrane of gills has a low permeability to copper, and hence protects the intracellular functions of the respiratory cells. This enables fish gills to retain the potential of first-pass metabolism of waterborne organic compounds while simultaneously being exposed to copper. Goksoyr et al. (1994) showed that EROD inhibition produced by Fe 2+ could be explained by altering SH groups of transmembrane proteins and their lipidic environment caused by oxyradical production via the Fenton reaction followed by lipid peroxidation. In contrast to Fe
2+
, other metals such as Zn 2+ bind directly to thiols (Knowles and Benson, 1983) . Thus, their primary mechanism of cellular toxicity is through direct binding to sulfhydryl groups in proteins and enzymes (Quig, 1998) . Therefore, redox-inactive metal's toxicity may be due to its ability to combine with sulfhydryl thiol (\SH) groups by forming disulfide bridges (\S\S\), resulting in protein conformational changes and thereby preventing their normal function.
Other of metal concentrations in sediment correlated with EROD activity in gills were lead and cadmium. Most studies report the in vivo effects of Pb 2+ heavy metal. Goering (1993) -enzyme interaction. In contrast, in studies of Bouraoui et al. (2008) and Lemaire-Gony and Lemaire (1996) , effects of Cd 2+ on EROD activity could be linked to the effect of Cd 2+ on membranes.
Apparently contradictory effects have been reported (i.e. inhibition, induction) for EROD activity in this work. Several factors may contribute to the differences found including the species studied, the properties of the enzymes present in the analyzed tissue, the type of study (field or laboratory), the experimental conditions (e.g. temperature, test medium), the time and intensity of the exposure and the chemical form of the test compound, among others.
When the activities of biotransformation enzymes are determined from fish caught in their natural environment, it is quite difficult to judge whether the activities are on basal or induced levels. Seasonal variations in temperature affect the final enzyme activities in fish (Solé et al., 2006) .
In complex chemical mixtures, such as those found in the polluted sediments from Ria de Huelva, EROD activity is likely to be the net result of additive, synergistic or antagonistic chemical interactions. Although the precise nature of these interactions was beyond the scope of the present study, the prevalence of LPAHs, the correlations between them and the metabolites in liver and correlation between EROD activity and phenanthrene suggests that PAHs were probably mainly responsible for the observed increase in EROD activity.
Although the measurement of EROD induction in fish is most commonly used as an indicator of exposure to polycyclic halogenated hydrocarbons (PHHs) and PAHs, it also responds to other classes of chemicals, such as polychlorinated dibenzo-p-dioxins (PCDDs), dibenzofurans (PCDFs), polychlorinated biphenyls (PCBs), and pesticides (Whyte et al., 2000) .
Another important issue to consider is the ability of heavy metals to affect CYP1A activity. It is well known that the inhibitory effects of heavy metals on EROD activity and PAHs exist in the environment in complex mixtures which may contain AhR agonists as well as AhR antagonists that may compound biomarker results. A recent review on PAH ecotoxicology in marine ecosystems, emphasizes that there is a need for increased research efforts to clarify biological effects of two and three ring PAHs and PAH mixtures (Hylland, 2006) . Some studies show that there are both synergistic and antagonistic interactions between low and high molecular weight PAHs and other compounds.
Liver CYP1A immunoreactivity
CYP1A catalytic activity assay shows a greater range of response than the CYP1A immunoreactivity but immunological recognition of CYP1A protein is generally not affected by physical factors that can affect catalytic activity . The induction response included an increase of staining intensity of a given cell type, and/or an increase in the number of CYP1A positive cell types within a tissue or organ (Table 8) . No significant differences between sampling sites were observed with reference to frequency of S. senegalensis specimens with CYP1A-associated staining except in spring season in Tinto River with the lower frequency ( Table 9 ). The occurrence in the relative frequency of stained cells (Table 8 ) was higher in autumn 2005 for all sampling sites corresponding with a higher quantity of heavy metals and higher EROD activity. Strong CYP1A occurrence was observed in acinar pancreatic cells, pancreatic duct epithelium and vascular system endothelium and negative/rare induction was observed in hepatocytes and sinusoidal endothelium (Fig. 3) . Localization and sensitive induction of CYP1A in vascular endothelia have been reported for several teleost species as well (Schlezinger and Stegeman, 2000; Ortiz-Delgado et al., 2005) . Endothelial cells are the first site of interaction with blood toxicants, and it has been suggested that they may be the primary target for the toxic action of CYP1A-inducing substances (Stegeman and Hahn, 1994) . CYP1A-catalyzed metabolism of xenobiotics in the endothelium can have toxicological implications: neoplastic changes, altered pharmacokinetics of toxicants and altered availability to the underlying tissue or disruption of blood vessel functions (Schlezinger and Stegeman, 2000; Ortiz-Delgado et al., 2005) .
The results obtained with CYP1A immunohistochemistry of the liver in the present study are in agreement with those reported by Husoy et al. (1996) . Husoy et al. reported CYP1A induction in various tissues, including the liver, in flounder (Platichthys flesus) exposed to environmental contaminants by caging the fish in Sorfjorden, Norway. Myers et al. (1995) also found CYP1A induction in endothelial cells of arterioles associated with exocrine pancreas epithelial cells in English sole captured from a highly contaminated estuary of Puget Sound, WA, USA. Immunohistochemical determination of CYP1A induction in different cell types of fish may be important in determining whether and what types of neoplasm might develop as a result of exposure to chemical contaminants.
Gill CYP1A immunoreactivity
The induction response included different staining intensity of a given cell type and/or no significant differences in the number of CYP1A-positive cells in the gills between sampling sites (Table 10) . Strongly positive CYP1A associated staining of the vascular system endothelia (Fig. 3A ) and chloride cells (Fig. 3B ) and a moderate staining of pillar cells (Fig. 3C ) in gills was observed. Epithelial or mucous cells did not stain. No staining was evident in control fish.
In previous studies, induction of different cell types in gills have been reported after environmental exposure (Stegeman et al., 1991) and bioassays with PAHs (Mdegela et al., 2006) but there are few studies about the effects of metals over CYP1A induction in fish (Jönsson et al., 2006) .
The strong staining in endothelial cells of the vasculature adds recent recognition that endothelium may be a common site of CYP1A induction in vertebrates from fish to mammals. The location of endothelial cells as an interface between blood-borne xenobiotics and underlying tissues can be important in toxicology. This could also involve altered metabolism of vasoactive factors, including nitric oxide and/or arachidonic acid (Husoy et al., 1994) .
A moderate CYP1A staining was also observed in pillar cells. The major absorption site for waterborne chemicals is most likely the secondary lamellae, and therefore it seems probable that cells in the secondary lamellae obtained the highest exposure to pollutants (Jönsson et al., 2004) . The extent of first-pass metabolism in these cells would consequently determine the exposure of the underlying cells as well as the systemic bioavailability of CYP1A-metabolized pollutants in fish.
Strongly positive CYP1A associated staining was also observed in primary filament cells. Due to the morphology and position in the primary lamella of these cells could be mucous or chloride cells, authors was agree with these cells were chloride cells, because histochemical techniques carried out with alcian blue and periodic acid Schiff (PAS) demonstrated that they are not mucous cells (unpublished data). In gills of rainbow trout exposed to waterborne copper (one of the most abundant metal in the Huelva estuary), metallothionein was induced predominantly in chloride cells (Dang et al., 2000; Jönsson et al., 2006) . This could reflect that the copper uptake is higher in chloride cells and therefore a high induction of CYP1A in these cells is probable. In major sites a contradictory response was observed between EROD activity and immunoreactivity observed in different gill cells presumably due to specific action of other compounds different from heavy metals. Ortiz-Delgado et al. (2005) observed a similar response in gills of gilthead seabream exposed to benzo(a)pyrene. It would be necessary to quantify the immunostaining (i.e. using optic density or index) to find possible correlations between compounds and immunoreactivity of cells. Immunohistochemical localization may also call attention to specific cell types useful in environmental monitoring studies, as suggested by Stegeman et al. (1991) . No significant differences between sampling sites were observed with reference to frequency of S. senegalensis specimens with CYP1A-associated staining except in the spring season in Tinto River with the lower frequency (Table 11 ).
Conclusions
The results substantiated the utility of CYP1A measurement as a biomarker for use by aquatic toxicologists.
Results indicated that catalytic assays appear to be more sensitive than the immunochemical assay at its current stage of development, but the use of both methods is recommended for monitoring programs.
The liver showed a relation between EROD activity and LAPHs liver metabolites so we can consider FACs such as sensible biomarkers. There was a relation between EROD activity and CYP1A induction in 2005 autumn when metal concentrations were highest although the correlation existed only with the copper concentration in water.
This study indicates that gills are a sensitive organ in the pollutant effect studies indicating important biochemical effects of heavy metals on gill EROD and suggesting that exposure to heavy metal ions may cause complex changes in the cytochrome P450-dependent metabolism in fish.
A decrease of EROD activity in gills of S. senegalensis have been well related with heavy metal concentrations in sediments of Huelva estuary demonstrating EROD activity is a robust biomarker not only PAH but also heavy metal pollution. On the other hand, it is observed a contradictory response between EROD activity and immunoreactivity of gill cells.
In the environment, interactions of cytochrome P450-inducing and cytochrome P450-inhibiting components (such as heavy metals) can be expected and must be taken into consideration. This study supports the idea that tissue-specific patterns of CYP1A expression could contribute to our understanding of exposure mechanisms in wild populations of fish. However, development of an understanding of the numerous factors influencing the uptake and effects of toxicants in complex ecosystems is an extremely difficult process. 
